[1] The reactive transport of U(VI) in a shallow alluvial aquifer beneath a former U(VI) mill located near Naturita, CO, was simulated using a surface complexation model (SCM) to describe U(VI) adsorption. The groundwater had variable U(VI) concentrations (0.01-20 mM), variable alkalinity (2.5-18 meq/L), and a nearly constant pH equal to 7.1. U(VI) K D values decreased with increasing U(VI) and alkalinity, and these parameters were more important than sediment variability in controlling K D values. Reactive transport simulations were fit to the observed U(VI) and alkalinity by varying the concentration of U(VI) and alkalinity in recharge at the source area. Simulated K D values varied temporally and spatially because of the differential transport of U(VI) and alkalinity and the nonlinearity of U(VI) adsorption. The model also simulated the observed U(VI) tailing, which would not be expected from a constant K D model. The simulated U(VI) concentrations were sensitive to the recharge flux because of the increased flux of U(VI) to the aquifer. The geochemical behavior of U(VI) was most sensitive to the alkalinity and was relatively insensitive to pH.
Introduction
[2] Uranium in groundwater aquifers is a contaminant of concern at many U.S. federal government sites where it has been stored in poorly designed facilities or where it has been leached from U mill tailings [USDOE, 1996; Abdelouas et al., 1999; Crowley and Ahearne, 2002] . A critical aspect of assessing the risk of contaminated groundwater and performance of potential remedies at many uranium-contaminated sites is estimating the migration of U in groundwater. Uranium occurs in the environment predominantly as U(IV) in reducing systems and U(VI) in oxic systems. In reducing environments, U(IV) forms insoluble phases and therefore is relatively immobile [Langmuir, 1997] . In oxic environments, U(VI) forms moderately soluble solid phases [Grenthe et al., 1992] such that at concentrations less than approximately 30 mM, the mobility of U(VI) can be controlled by adsorption reactions at near neutral pH values .
[3] Adsorption of U(VI) in oxic waters is sensitive to pH and carbonate concentration and therefore to the partial pressure of CO 2 . Adsorption is generally low at low pH values and increases with increasing pH usually in the pH range of 4 to 6 [Hsi and Langmuir, 1985; Waite et al., 1994; Pabalan et al., 1998; Davis et al., 2002] . In the pH range of approximately 7 -10, U(VI) is strongly adsorbed in the absence of dissolved CO 2 [Hsi and Langmuir, 1985; Prikryl et al., 2001] but in the presence of dissolved CO 2 , the formation of aqueous U(VI)-carbonate complexes can cause adsorption to be negligible [Hsi and Langmuir, 1985; Waite et al., 1994; Davis et al., 2004; Wazne et al., 2003] . Adsorption could also be reduced by the formation of CaUO 2 (CO 3 ) 3 À2 and Ca 2 UO 2 (CO 3 ) 3 0 species that can be the dominant U(VI) aqueous species in many groundwaters [Bernhard et al., 2001; Brooks et al., 2003; Fox et al., 2006] .
[4] A simple approach to describe U(VI) adsorption by a sediment is to use a constant distribution coefficient defined by
where K D is the distribution coefficient (mL/g), U ADS is the adsorbed U(VI) concentration (mol/g), and U AQU is the total dissolved U(VI) concentration in groundwater (mol/mL). However, U(VI) K D values can vary by five orders of magnitude over the pH range from 6 to 9 and by 4 orders of magnitude at pH 8 as the partial pressure of CO 2 gas increases from its value in air to 0.01 atm . Therefore, simulations with a constant K D can introduce significant error into transport simulations because the constant K D approach does not account for temporally and spatially variable geochemical conditions that can be present within a contamination plume or for extensive tailing caused by the nonlinear adsorption isotherms [Reardon, 1981; Kohler et al., 1996; Bethke and Brady, 2000; Glynn, 2003; Zhu, 2003] .
[5] Surface complexation models (SCM) can account for the effect of variable solution chemistry on adsorption and for a finite quantity of adsorption sites and have been used to model U(VI) adsorption in many laboratory studies [Hsi and Langmuir, 1985; Waite et al., 1994; Pabalan et al., 1998; McKinley et al., 1995; Turner and Sassman, 1996; Kohler et al., 1996; Villalobos et al., 2001; Davis et al., 2004] . In the SCM approach, adsorption is postulated to occur on specific surface sites, e.g.,
where UO 2 +2 is the free uranyl ion in solution, >SOH is a protonated surface site and >SOUO 2 OH is a possible uranyl surface complex. This approach makes it possible to describe binding to a finite number of surface sites (which leads to nonlinear isotherms) and to simulate pH-dependent adsorption processes. Moreover, adsorption reactions can be readily coupled to extensive databases of solution speciation reactions as exemplified by the formation of the aqueous uranium tricarbonato complex, i.e.: 
When considered together, equations (2) and (3) illustrate that >SOH and CO 3 À2 compete for UO 2 +2 ; in instances where the CO 3 À2 concentration is large the formation of mobile U(VI)-carbonate complexes is favored.
[6] One approach for applying the SCM approach to sediments uses published SCMs for well-characterized surfaces coupled with detailed soil characterization studies to determine the quantity of each reactive surface in the soil and then assembles an SCM for the sediment from its basic components [Davis et al., 1998; Westall et al., 1998 ]. However, Davis et al. [2004] had limited success when this approach was used to model U(VI) adsorption by aquifer sand obtained at the site described in this study. Four significant sources of uncertainty were identified: (1) estimation of surface site-types and surface area abundances, even for well characterized sediments, (2) a lack of fundamental data on the effects of competitive adsorption of common groundwater solutes, (3) a lack of fundamental data on the effects of common groundwater solutes on surface charge and potentials, and (4) inconsistencies that could result when combining previously published SCMs that use different electrical double layer formulations. To reduce these uncertainties, a semi-mechanistic SCM was calibrated to measured adsorption data . In this approach, adsorption is postulated to occur on generic surface sites that represent average properties of the sediment surfaces rather than specific mineral surfaces. Model parameters are calibrated to adsorption data for postulated reaction stoichiometries and different model formulations are selected based on simplicity and goodness of fit [Davis et al., 2002 [Davis et al., , 1998 Waite et al., 2000] . An advantage of this approach is that the electrical double layer is not considered explicitly; adsorption reaction stoichiometry and binding constants are derived by fitting the macroscopic dependence of adsorption as a function of pH. This is important because of the difficulty in quantifying electrical field and charge at the mineral-water interface in mixtures of mineral phases with associated surface coatings.
[7] The SCM approach has only been used in a few instances to describe adsorption in field-scale reactive transport modeling studies. These studies include cases involving the transport of molybdate [Stollenwerk, 1998 ], zinc [Kent et al., 2000] , and phosphate [Parkhurst et al., 2003 ], all of which were conducted at the USGS Cape Cod field site. Reactive transport simulations for U(VI) transport have been limited by a lack of site-specific data .
[8] The purpose of this work, together with a set of companion papers Kohler et al., 2004; Curtis et al., 2004] , is to demonstrate the application of the semi-mechanistic SCM approach for modeling the adsorption and reactive transport of U(VI) in an alluvial aquifer at a former uranium ore-processing mill near Naturita, CO. The SCM for U(VI) adsorption was determined in laboratory batch studies with Naturita aquifer background sediments (NABS) , and the model gave good predictions of U(VI) adsorption by contaminated sediments and in in situ studies with NABS . The outline of the remainder of this paper is as follows: (1) describe the significant geochemical characteristics of the field site, (2) evaluate the factors that control adsorption and transport of U(VI) in the field, (3) compare reactive transport simulations using the SCM approach with the field observations, and (4) illustrate the sensitivity of the simulated U(VI) concentration to key model parameters.
Site Characterization

Site Description
[9] The former uranium mill site is approximately 3 km northwest of the town of Naturita, CO along the San Miguel River in southwestern Colorado (Figure 1 ). The ore mill processed uranium and vanadium ores at the site intermittently during the 1930s and beginning in 1939 almost continuously until the mill was shut down in 1958 [USDOE, 2003] . From 1961 until 1963, a uranium upgrader that produced uranium concentrates that were further processed elsewhere was operated at the site. Uranium and vanadium were extracted from the ore by salt roasting followed by carbonate leaching in percolation tanks. Carbonate leach tails were slurried to the western half of the site farthest (200 meters) from the San Miguel River and closest to CO highway 141 and were later collected and leached with sulfuric acid. Acid leach tails were deposited closer to the river. Between 1977 and 1979, the mill tailings were removed from the site for reprocessing and between 1996 and 1998 the contaminated soils below the former tailings and mill were excavated and transported offsite. The extent of the excavation was determined by 226 Ra measurements and as a result, soils were excavated to as deep as the water table below most of the former mill yard and tailings [USDOE, 2003] . This excavated area was backfilled with clean sediments, but as illustrated in the cross-section in Figure 1 , the excavation lowered the ground surface elevation by several meters.
Hydrogeology
[10] The Naturita area is semi-arid; the average annual precipitation is 30 centimeters and the vegetation is primarily grasses and sagebrush except near the river where cottonwoods are common. Historical aerial photos indicate that there was little vegetation in the mill yard or on the tailings pile. Contaminated groundwater at the Naturita site occurs in the thin alluvial deposits of the San Miguel River floodplain. The aquifer is bounded by outcrops of finegrained shale (the Brushy Basin member) on the west near highway 141 and to the east of the San Miguel River (Figure 1 ). The aquifer is recharged by the river to the southeast of the site and discharges into the river north of the site. The average saturated thickness is 1.8 m when the river is at low-flow conditions. The alluvial aquifer consists of sand, gravel and cobbles and the mineralogy consists of primarily quartz with lesser amounts of detrital feldspars, carbonates, magnetite, and fine clay-size materials . The unsaturated zone ranged from approximately 2 to 8 m thick prior to the removal of contaminated soils but the thickness averaged 2.5 m after the excavation was backfilled in 1998.
[11] The alluvial aquifer is separated from an underlying, moderately permeable confined sandstone aquifer (the Salt Wash aquifer) by the Brushy Basin Member, which is approximately 30 m thick. A well in the Salt Wash aquifer was artesian prior to being abandoned in 1996 indicating the potential for upward transport. However, the deep groundwaters had an average chloride (Cl) concentration of 20 mM, which was 200 times larger than Cl in background alluvial wells indicating minimal upward flow. The average U(VI) concentration in the Salt Wash aquifer was 0.16 mM.
Geochemical Characterization
[12] Figure 1 shows the location of the former mill yard, the extent of the former tailings pile, and all of the monitoring wells at the site. Between 1986 and 1997, DOE installed 12 wells in the alluvial aquifer. All of these wells except DOE547 and DOE548 were abandoned during surface remediation. In 1998 and 1999, the USGS installed wells at 39 new locations including some clusters of multilevel wells. High concentrations of uranium were measured in the groundwater below and downgradient of the former tailings pile. Either water used to process the U ore and mill tailings or precipitation that leached U from the deposited tailings could have transported U to the groundwater.
Dissolved Concentrations
[13] Groundwater samples were collected from the 12 DOE wells between 1986 and 1997 by DOE [USDOE, 1998] and from the 52 USGS wells and DOE547 and DOE548 between 1998 and 2001 by USGS. In this pooled data set, 474 water samples had a complete set of analytical results and 469 samples had charge balance errors less than 15 percent and were used in the following analyses. The observed alkalinity, pH, U(VI) and Cl concentrations are summarized in Table 1 . Most of the pH values ranged from 6.5 to 7.5, and the median pH was 7.06. The U(VI) concentration ranged from background values of 0.01 mM to about 10 mM although 2 samples had concentrations greater than 20 mM. Most of the alkalinity values ranged from 2.5 to approximately 12 meq/L although 5 samples collected between 1986 and 1992 had alkalinity values between 12 and 18 meq/L. The samples with the highest alkalinity did not coincide with the samples with highest U(VI), but in general, the two concentrations were correlated. The high concentrations of Cl in about 10 percent of the samples most likely resulted from the salt roasting process used to extract U from the ore. The concentrations of the major ions, pH, alkalinity and U(VI) in the multilevel wells did not show any vertical variability. Additional details on the geochemical and hydrogeologic characteristics of the site are summarized by Davis and Curtis [2003] .
[14] Elevated concentrations of U(VI), alkalinity, and chloride were observed below and downgradient of the former uranium mill tailings and the concentration of each species was generally lower near the San Miguel River and higher near the highway (Figure 2) . In February 2000, the average U(VI) concentration in the wells upgradient of the former facilities (e.g. DM1, DOE547, and NAT20-22) was 0.02 mM, and a peak concentration of 10 mM was observed at NAT26; most of the impacted groundwater had U(VI) concentrations between 2 and 6 mM. Similar trends were observed for other sampling rounds.
[15] Figure 2b suggests that the pH was up to 0.8 pH units higher near the river when compared with values farther from the river. However, this pattern of pH values did not persist over multiple sampling sets as was observed for the U(VI) and alkalinity patterns.
[16] The observed alkalinity had a somewhat similar spatial pattern as U(VI) but the range in concentrations was smaller (Figure 2c ). The alkalinity values ranged from approximately 4.7 meq/L near DOE547 to peak values of 12 meq/L at NAT26. As in the case of U(VI), the zone of elevated alkalinity occurred widely across the site. The figure also suggests that high alkalinity concentrations extend farther downgradient than the uranium concentration. Several samples collected in 2000 and 2001 from DOE547 had alkalinity values in the range of 2.5 to 3 meq/L; these smaller alkalinity values are consistent with the loss of CO 2 and precipitation of calcite from standing water in gravel pits upgradient of DOE547 that have been significantly expanded since 1998.
[17] The geochemistry of the groundwater from the upgradient wells DM1, DOE547, and NAT20-22 was significantly different from that in the San Miguel River. The wells had pH values that were approximately one pH unit less than the pH of 8.3 observed in the river. Similarly, the groundwater had an average alkalinity of 4.7 meq/L whereas the alkalinity in the San Miguel River varied seasonally between 1.3 and 2.6 meq/L. The decrease in the pH and the increase in alkalinity for the surface water to groundwater transition are consistent with biological activity. Other studies have reported mild reducing conditions and active microbial populations in groundwaters near tree roots possibly because of microbial degradation of root exudates [Lee et al., 2000; Godsy et al., 2003] . In the Naturita aquifer, this reducing activity is assumed to be limited to the hyporheic zone including the root zone of cottonwood trees near the river because water samples from DM1, which is only 10m from the river, were similar to those from DOE547 which is $120m away from the river.
[18] The groundwaters at the Naturita site are generally not in equilibrium with respect to redox conditions. This is indicated by the co-occurrence of dissolved O 2 and Fe +2 in many samples, which is not expected under equilibrium conditions at near neutral pH values [Langmuir, 1997] . Nitrate concentrations in 45 samples collected between 1986 and 1992 ranged from 8 to 730 mM and had an average concentration of 120 mM. Although these samples were collected at different times than the samples analyzed for Fe, the long-term trends suggest that the two species cooccurred in some wells, which is not expected under equilibrium conditions.
Speciation Calculations
[19] Aqueous speciation calculations were performed using the thermodynamic data summarized previously . These thermodynamic data included data for the Ca 2 UO 2 (CO 3 ) 3 0 (aq) and CaUO 2 (CO 3 ) 2 2À aqueous species [Kalmykov and Choppin, 2000; Bernhard et al., 2001 ] and these two species accounted for more than 95% of the total U(VI) in solution in each of the 469 water samples. Saturation indices (SI) were computed to assess if several potentially important minerals could be controlling U(VI) transport. The computed SI values were found to be below saturation for uranophane (Ca(UO 2 ) 2 SiO 3 (OH) 2 ; SI < À7.7), soddyite ((UO 2 ) 2 SiO 2 2H 2 O; SI < À3.5), schoepite (UO 2 (OH) 2 H 2 O; SI < À5) and rutherfordine (UO 2 CO 3 ; SI < À4.4). These SI values are consistent with detailed characterization of contaminated sediments from NAT06 and MAU03 that did not identify any U(VI) phases . Calcite SI values generally ranged from À0.25 to 0.35 suggesting that the groundwaters were in equilibrium with calcite, which is present in the sediments. Computed pCO 2 values ranged from 0.0024 to 0.14 atm.
[20] Speciation calculations were also performed to evaluate the stability of the U(IV) phases uraninite and U 3 O 8 . The calculations assumed that the Fe(III)/Fe(II) couple was at equilibrium with the U(VI)/U(IV) couple and that the Fe(III) activity was controlled by the presence of either ferrihydrite or goethite. The U(IV) phases were below saturation (SI < À5) if equilibrated with ferrihydrite and near saturation (À2 < SI < 2) if equilibrated with goethite illustrating the large uncertainty resulting from the two model assumptions. Rather than relying on these model calculations, Kohler et al. [2004] extracted U from freshly collected sediments from near NAT25 under an inert atmosphere and demonstrated that U(IV) phases were not important at that location.
Uranium Adsorption
[21] In the absence of separate U phases, adsorption is probably the most significant factor that reduces U(VI) mobility in the alluvial aquifer. Batch adsorption experiments were conducted using Naturita aquifer background sediments (NABS) that were collected from a gravel pit located upgradient of well DOE547 . The batch experimental conditions encompassed the range of geochemical conditions observed in the field and a semimechanistic SCM was fit to the adsorption data using the geochemical optimization program FITEQL [Herbelin and Westall, 1999] . The SCM consists of 6 reactions and 3 different site-types that are listed in Table 2 . The three sitetypes are described as very strong (>SSOH), strong (>SOH), and weak (>WOH) sites, corresponding to their relative U(VI) binding strength (Table 2) . Multiple sitetypes are commonly used in formulating SCMs and approximate the nonlinear isotherms commonly observed for cation adsorption on well-characterized metal oxides [Dzombak and Morel, 1990] . Postulating multiple site-types was also important for simulating peak tailing of U(VI) in laboratory columns packed with quartz [Kohler et al., 1996] . Davis et al. [2004] illustrated that observed and modeled K D values at constant pH and alkalinity decreased by a factor of approximately 3 as U(VI) concentration increased from 0.03 mM to 10 mM indicating that the adsorption isotherm is moderately nonlinear. The semimechanistic SCM does not include an electrical double layer term and assumes that the adsorption occurs by U(VI) binding to generic sites that represent average surface chemical properties of the sediment.
[22] Figure 3 shows a comparison of model-predicted K D values with observations obtained for uncontaminated NABS samples that were suspended in wells with contaminated groundwater and for contaminated sediments for both field conditions and laboratory conditions . The results for the uncontaminated NABS samples (Figure 3a) show that the measured K D values ranged from 0.55 mL/g to 12.5 mL/g corresponding to a factor of 22 and the model-predicted values agreed with measured values within a factor of 2.2. For the contaminated sediments under field conditions, the K D values for all samples except those from MAU03 and MAU04 ranged by a factor of 15 and a good agreement between the measured and model-predicted values was found ( Figure 3b ). For samples from MAU03 and MAU04, it has been postulated that a U(IV) phase forms because of localized reducing conditions, possibly related to nearby cottonwood tree roots. In comparison, K D values 00 wells at the field site , (b) contaminated sediments in equilibrium with in situ groundwater , and (c) contaminated sediments in equilibrium with artificial groundwater and laboratory air .
shown in Figure 3c for the 14 contaminated sediments that were equilibrated with an artificial groundwater with a nearly constant composition varied by only a factor of 3. Taken together, the K D values for a single sediment (NABS) equilibrated with 17 different groundwater compositions varied considerably more than was observed for 14 different sediments equilibrated with a single artificial groundwater. These results demonstrate that at this site, spatially variable U(VI) and alkalinity were more important than variable sediment composition in determining uranium K D values. Similar observations were made for the effect of pH on Zn adsorption in the presence of sediments from a glacial outwash aquifer on Cape Cod [Davis et al., 1998 ].
Groundwater Flow and Nonreactive Transport
Conceptual Model
[23] The shallow alluvial aquifer was approximated as a two-dimensional areal aquifer. No-flow boundary conditions were assumed along contacts with the Brushy Basin Member which occurs on the western border of the aquifer, on the eastern border of the San Miguel River, and at the bottom of the alluvial aquifer. Pressure transducers installed in the aquifer and in the river demonstrated that the aquifer was in good hydraulic contact with the river. Stream discharge ranged from a base-flow of approximately 1 m 3 /s to peak flows of 30 to 110 m 3 /s; low-flow conditions were generally constant for approximately 8 to 9 months of the year.
[24] A spatially and temporally uniform recharge rate of 5.5 Â 10 À3 m/y ($2% of annual precipitation) was assumed in all of the simulations. The recharge conveyed contaminated water into the aquifer as described below but it did not significantly affect the simulated potentiometric surface. Although evapotranspiration may have been important for the riparian woodland areas along the stream banks, it was not included in the flow model because of the good hydraulic contact between the river and the aquifer. Evaporation resulting from capillary rise was not included because the unsaturated zone was moderately thick until 1997.
[25] Transport simulations used an assumed porosity of 0.2 because the cobbles, which were assumed to have no porosity, accounted for approximately 50% of the solid aquifer volume . A longitudinal dispersivity of 3 m was used which is about half of the value for sites of similar scale [Gelhar et al., 1992] . This relatively small amount of macrodispersion was used because excessive macrodispersion can over-predict mixing which could drive many reactions that affect the adsorption and transport of U(VI). One simulation with a dispersivity of 1 m gave nearly identical results (not shown) as was observed for a dispersivity of 3 m.
Model Calibration: Estimates of Hydraulic Conductivity
[26] The hydraulic conductivity (K X ) of the aquifer was initially estimated from slug tests. Slug tests were performed on 10 wells distributed across the site and each well was tested 3 to 5 times. The harmonic mean K X was 2.2 Â 10 À4 m/s and the results ranged by a factor of 3. There was no spatial trend for the K X values and therefore, a single value was considered in the transport simulations described below.
[27] K X was also estimated by simultaneously fitting a nonreactive solute transport model to both the observed Cl plume and to tritium-helium ( 3 H/ 3 He) age dating results. The chloride plume was assumed to have originated from the salt roasting facilities in the mill yard and from the mill tailings. Other sources of Cl including road salt and vertically upward flow of water from the Salt Wash Aquifer were discounted because the U(VI) and SO 4 concentrations in the Cl plume were also high. It is unlikely that road salt would have contained high SO 4 and U(VI) and the Salt Wash Aquifer had U(VI) values that were 2000 times smaller than the observed U(VI) at NAT26.
[28] The 3 H/ 3
He ages reflect the residence time in the aquifer, which is controlled primarily by the K X value and the recharge rate. Groundwater age can therefore be used to estimate hydraulic parameters [Reilly et al., 1994; Portniaguine and Solomon, 1998 ]. In this method, 3 H in groundwater originating primarily from atmospheric testing is measured along with its daughter, 3 He, and the ratio of the two values is related to the groundwater age [Solomon and Cook, 2000] . The measured age can be biased by loss of 3 He to the unsaturated zone. However, when the transport is nearly horizontal, this potential loss is controlled by the vertical dispersivity [Solomon and Cook, 2000] , which is generally small in many unconfined aquifers [Burnett and Frind, 1987] . Consequently, vertical dispersive mixing is not considered to seriously affect the estimated groundwater ages [Solomon and Cook, 2000] .
[29] An integral part of the parameter estimation was to approximate the Cl concentration in the recharge water. It was assumed that Cl was initially released at the site in 1939 when the salt roaster started continuous operation. It was also assumed that the Cl source was present until the contaminated soils were excavated from the unsaturated zone beginning in 1994. This long duration is postulated to be the result of leaching of Cl from stored tailings by precipitation followed by transport through the unsaturated zone and it is consistent with the presence of contaminated soils at the site. The simulated Cl transport was calibrated to Cl data collected between 1986 and 2001 at 11 locations. These locations included wells NAT19, DOE506, NAT11, DOE616, NAT10, DOE656, NAT26, NAT25, MAU08, and MAU07, which are highlighted on Figure 1 . One sample collected in 2001 from a seep present at low river stage (DOE567) was also included in the calibration set. The locations were selected for the length of record and because they are approximately on a flow path that is far from the river.
[30] Groundwater flow in the alluvial aquifer was simulated using a steady-state flow model using MODFLOW [Harbaugh and McDonald, 1996] . The river was simulated in the flow model using the MODFLOW river package. Nonreactive transport was simulated with MT3DMS [Zheng and Wang, 1999] He age was also simulated with MT3DMS using the method described by [Goode, 1996] .
[31] The model was calibrated to the observed data using UCODE [Poeter and Hill, 1998 ] to estimate the K X value and the Cl concentration of contaminated recharge water. Other parameters used in the flow model are listed in Table 3 . The contaminated recharge water was assumed to have been present in an area defined by the former U mill and tailing piles as shown in Figure 1 . Figure 4 shows that a reasonable calibration was achieved for a K X value of 1 Â 10 À4 m/s and a Cl concentration in the recharge water of 0.12M. The calibrated model fit all of the observed Cl values at the 11 calibration wells with the possible exception of well DOE616 as shown in Figure 4d . This well was located near the former salt roaster, which could explain why higher Cl values were observed in that area. Figure 4l shows that the simulated groundwater ages agree well with the observed values. Although the calibration may not be unique, the simultaneous fit of the Cl and 3 H/He results lends support to the model.
[32] The K X value determined from the Cl and groundwater age simulations is 2.2 times smaller than the harmonic mean K X of 2.2 Â 10 À4 m/s obtained from the slug tests. The slug tests give a direct measure of the hydraulic conductivity whereas the K X value estimated from transport models depend on an assumed porosity. If a larger porosity had been assumed in the calibration, larger K X values would have been estimated from the model calibration. An unrealistically large porosity of greater than 0.5 would have been required for the Cl simulations to match the observed Cl data with a K X value from the slug tests. The slug test results could be higher because they can be impacted by small-scale heterogeneities in the aquifer. Although the Cl transport could have been impacted by possible connected zones of high permeability, this effect would probably not be apparent in the observed data because the Cl plume reached the river by 1998 and possibly earlier.
[33] Figure 5 illustrates the simulated Cl plume for a K X value of 1 x10 À4 m/s and flow paths calculated with MODPATH [Pollock, 1994] . The shape of the plume, including the location of the maximum Cl concentration, agrees well with the observed Cl plume (Figure 2d) . The flow path lines show that the groundwater flow is approximately parallel to the river due to the no-flow boundary condition along the western edge of the aquifer and the small recharge rate. The flow pathlines also show extensive coupling between the river and the aquifer and that a long, thin plume develops between MAU08 and DOE567. This elongated plume develops because flow converges in this region because of the extensive groundwater-surface water interactions east of MAU08 to MAU07. The velocity near MAU08 was approximately twice as large as upgradient near NAT10.
Reactive Transport Modeling
[34] Reactive transport simulations were fitted to the observed distribution of U(VI) at the Naturita site using the independently determined K X and the independently determined SCM for NABS . This section describes: (1) the effect of variable chemical conditions at the Naturita site on U(VI) transport, (2) application of the reactive transport model to simulate the current Figure 4 . Chloride calibration results for a 59-year source at the former mill site and tailings pile (Figures 4a -4k ) and comparison between observed and simulated groundwater ages (Figure 4l) . existing conditions, and (3) results of a sensitivity analysis that evaluated the effects of SCM parameters, flow and transport parameters, and background concentrations on U(VI) transport. Simulations were performed using RATEQ [Curtis, 2005] , which couples reactive transport to MOD-FLOW and MT3DMS.
Effect of Variable Chemical Conditions on U(VI) Adsorption and Transport
[35] As shown in Figure 3 , the observed variable chemical conditions had a larger effect than sediment variability on measured K D values. One-dimensional transport simulations were conducted to evaluate which of the three parameters, alkalinity, pH, or U(VI) concentration, was most significant in determining U(VI) mobility. Simulations were conducted by introducing long pulses of a U(VI) bearing solution that displaced water that had a pH of 7.1, an alkalinity of 2.5 meq/L and a low U(VI) concentration of 5 Â 10 À12 M. The injected high-U(VI) solution used constant and median values for 2 parameters (such as pH and alkalinity) and the observed range of values for the third parameter (U(VI)). The values used in the simulations are summarized in Table 1 and all simulations assumed that the Ca concentration was in equilibrium with calcite. Although this approach does not consider the correlation between U(VI) and alkalinity, these hypothetical simulations provide some insight into the effects of each of the parameters on U(VI) mobility.
[36] Figure 6a shows the breakthrough of a U(VI) pulse (2.78 mM) for pH values that ranged from 6.54 to 7.71. Simulated U(VI) breakthrough (C/C O = 0.5) occurs between 7.4 and 8.5 pore volumes. Later breakthrough was associated with higher pH values although the simulations were relatively insensitive to pH. Figure 6b shows the breakthrough of a U(VI) pulse for U(VI) concentrations that ranged from 0.0084 to 21.8 mM. These breakthrough curves cluster into two groups. The first cluster breaks through between 4.9 and 7.5 pore volumes and is associated with U(VI) concentrations equal to or greater than the median U(VI) concentration (2.78 mM). The second cluster breaks through at approximately 11.5 pore volumes and is associated with U(VI) concentrations of 0.16 mM and smaller. The larger retardation at smaller U(VI) concentrations occurs because the U(VI) adsorption isotherm on NABS is nonlinear . For U(VI) concentrations greater than 0.16 mM, the very strong sites are nearly completely saturated but account for less that 15% of total adsorbed U(VI) and consequently U(VI) migration is controlled primarily by adsorption on the strong and weak sites. Conversely, at concentrations smaller than 0.16 mM, the very strong sites dominate adsorption causing greater retardation.
[37] Figure 6c shows that the observed variability of alkalinity has the largest effect on U(VI) front migration. U(VI) breakthrough occurred between 3.9 and 15.7 pore volumes and retardation increased with decreasing alkalinity. The simulations show that U(VI) transport is particu- Figure 6 . Simulated breakthrough created by a step change in inlet boundary conditions. The boundary conditions were (a) variable pH, median U(VI) concentration, and median alkalinity, (b) median pH, variable U(VI), and median alkalinity, and (c) median pH, median U(VI), and variable alkalinity. See Table 1 for specific concentration values. larly sensitive to alkalinity at low alkalinity values. For example, the average background alkalinity is 4.7 meq/L, which is close to the alkalinity at the 17th percentile of 4.77 meq/L. Breakthrough at this latter alkalinity occurred at 10 pore volumes whereas a U(VI) pulse in water with the minimum alkalinity (2.5 meq/L) broke through at 15.7 pore volumes. Overall, the simulations suggest that the variability of alkalinity at the site has a larger effect on U(VI) migration than either U(VI) concentration or pH. In addition, because alkalinity and U(VI) were correlated in the field, the overall range in mobility is larger than that implied in Figure 6 which considered each variable independently.
Conceptual Field-Scale Reactive Transport Model
[38] The conceptual reactive transport model couples the flow and transport model described above for Cl transport with geochemical speciation and adsorption model described by Davis et al. [2004] . The aqueous complexation reactions used in the transport simulations included the Ca 2 UO 2 (CO 3 ) 3 À2 and CaUO 2 (CO 3 ) 2 o aqueous species [Kalmykov and Choppin, 2000; Bernhard et al., 2001] which were the dominant species in solution.
[39] Adsorption reactions were simulated using the SCM calibrated to U(VI) adsorption by NABS in laboratory experiments . The total concentration of the adsorption sites was calculated from an average surface area of the aquifer sediments of 12.4 m 2 /g and a total surface site density of 1.92 mmoles/m 2 . These values, together with an assumed porosity of 0.2 and adjusting for the observation that the NABS sample represented 15% of the aquifer sediments gave a total adsorption site concentration of 3.79 Â 10 À2 mol sites per liter of groundwater.
[40] The simulations assumed equilibrium with respect to calcite because the sediments contained calcite and the groundwater was nearly in equilibrium with calcite. Calcite solubility controls the concentrations of Ca and CO 3 , both of which significantly impact the aqueous speciation of U(VI). Although U(VI) can be incorporated into the calcite structure to some extent [Reeder et al., 2001; Kelly et al., 2003 ], extractions of contaminated sediments indicated this was a small affect for the Naturita site .
[41] The field-scale simulations assumed local equilibrium for the adsorption reactions and separate simulations described elsewhere [Davis and Curtis, 2003] demonstrated that this was a reasonable assumption because adsorption approached equilibrium in approximately three days. The simulations ignored all redox reactions. The initial geochemical conditions used in the simulations were set equal to the average composition observed in the upgradient wells DOE547 and NAT20-22 and are listed in Table 4 . It was also assumed that the composition of the recharge water from the river could be approximated by the background groundwater composition. This assumption was supported by observations that the geochemical changes that occurred as river water infiltrated into the aquifer were complete in a relatively small spatial scale near the river as discussed above.
Field Transport Modeling 4.3.1. Model Calibration
[42] It was assumed that spatially uniform recharge water derived from precipitation had elevated U(VI) and alkalinity concentrations in the same source zone used to calibrate the flow model in section 3. This zone included the former mill yard and the tailings pile and the simulated recharge in this zone was contaminated for the 58 years that the mill yard and the tailings were present at the site. The extent and duration of the source term is consistent with the area that was excavated, in most instances to as deep as the water table, during the soil remediation work performed between 1996 and 1998 [USDOE, 2003] . The depth and lateral extent of that excavation was determined by radiological analysis, primarily 226 Ra, of the contaminated vadose zone sediments.
[43] The reactive transport model was calibrated to the existing site data using UCODE [Poeter and Hill, 1998 ] by optimizing the U(VI) concentration and the alkalinity of the recharge water in the source area. The recharge water had a fixed pH of 7.3, was assumed to be in equilibrium with calcite, and contained NaCl as determined from the flow model calibration (section 3.2). The observed and simulated U(VI) and alkalinity concentrations were normalized by the recent maximum observed concentrations of U(VI) (10 mM) and alkalinity (12.1 meq/L) so that each variable ranged between zero and one. This normalization ensured that the two different concentrations were weighted nearly equally. The calibration did not vary the SCM parameters determined in the batch experiments or K X , which was determined independently as described above. A single source concentration was used for the entire source area because when separate source terms were included for the mill yard and the tailings area the model was difficult to calibrate because of the covariance among the source concentrations.
[44] Figure 7 illustrates the final calibration results for U(VI) and alkalinity at each of the calibration wells. For each well, there is good agreement between the simulated and observed alkalinity values. The largest consistent difference between the simulated and observed alkalinity occurred at well DOE656 where measured values ranged from 16 to 21 meq/L, whereas the simulated value was 9.5 meq/L. For all other wells, the agreement between the simulated and measured values is better, with the average residual equal to 2.8 meq/L. The fit to the dissolved U(VI) data is also generally very good and the average residual was 2 mM. The largest, consistent difference between the simulated and observed U(VI) concentrations was for well DOE506, which was located at the downstream border of the mill yard. Possibly U(VI) was high at this location because of a more highly concentrated source in the mill yard. In the final calibration simulations, the alkalinity in the recharge water was 79 meq/L and the U(VI) concentration was 98 mM (Table 4) . These estimated concentrations are approximately a factor of 6 to 9 times larger than the maximum concentrations observed in the aquifer, which is plausible. This comparison, however, depends on the assumed recharge rate of 5.5 Â 10 À3 m/y. For recharge rates less than 2 Â 10 À2 m/y, nearly identical simulation results were obtained when the solute fluxes, defined by the product of concentration times the recharge rate, were constant.
Spatial and Temporal Simulation Results
[45] Figure 8 shows the simulated distributions of U(VI) and alkalinity in 1967 and 2000. The simulated U(VI) plume for 2000 reproduces the main features of the observed U(VI) plume shown in Figure 2 . Not only does the simulated peak concentration agree well with the observations (Figure 7 ), but the general shape of the plume is also reproduced. This agreement includes the generally lower concentrations near the San Miguel River as well as the long narrow plume that extends downgradient of NAT26. The good fit of the simulations to the observations was obtained using an average surface area of 12.4 m 2 /g to calculate the total adsorption site concentration and the measured surface areas ranged by a factor of only approximately 4 . Preliminary simulations that accounted for the spatial variability of the surface areas showed that the variable surface had no significant effect of U(VI) transport [Curtis, 2005] , probably because the measured surface areas ranged by only a factor of four.
[46] In the case of the alkalinity, the general shape of the simulated plume also agrees with the observed plume, although not as well as in the case of U(VI). The largest difference between the observed and simulated alkalinity values was that the simulated values were smaller than the observations in the region between NAT10 and NAT19. These differences are also apparent in Figure 7 for wells NAT11 and NAT19 where the simulated alkalinity values in 2000 are approximately 2 meq/L smaller that the observed values. This difference is visually emphasized in Figure 8 because of the large distance between NAT10 and NAT19. The alkalinity simulation is generally similar to the Cl simulations shown in Figure 4 suggesting that alkalinity is transported nearly conservatively. The simulated pH (not shown) was practically constant because of the buffering from calcite.
[47] Figure 8 also shows a subtle difference between the simulated highest alkalinity and U(VI) plumes near the western model boundary downgradient of NAT26 in 1967. The simulated alkalinity is adjacent to the western boundary and extends all the way to the river. In contrast, for U(VI), the plume extends downgradient of NAT26 as a long, thin lobe with a clear region with low U(VI) concentrations adjacent to the western boundary. This difference results because U(VI) is retarded relative to alkalinity.
[48] Figure 8 also shows the temporal and spatial evolution of dissolved U(VI) and alkalinity and the simulated K D [49] The simulated adsorbed U(VI), dissolved U(VI) and alkalinity along flow path A ( Figure 5 ) from the upgradient border of the former mill yard to the San Miguel River near DOE567 are shown in (Figure 9a ). In the source area, which encompasses the first 500 m of the flow path, the simulated alkalinity returned to background conditions whereas the simulated aqueous and adsorbed U(VI) had a pronounced tail. This tail results because of both the nonlinear adsorption isotherm and the variable alkalinity concentrations that combine to change the K D value by a factor of 4.
[50] For the surface species, adsorption on the weak and strong sites is nearly comparable (Figures 9b and 9c) . Near the upgradient boundary of the former mill yard where the U(VI) concentration is relatively small, the adsorbed concentration on the weak sites is only 50% of the strong site adsorbed concentration. Downgradient where the dissolved U(VI) and alkalinity were at their maximum values the weak site adsorbed concentration is equal to approximately 80% of the strong site. These changing percentages result because adsorption on the strong sites between 400 and 800 m is probably affected by the limited concentration (38 mM) of strong sites. This is even more important for the very strong sites that have a total concentration of only 3.8 mM and a maximum simulated adsorbed concentration of 2.2 mM. Although the very strong sites are not important at high U(VI) concentration, they account for approximately one third of the total adsorption in the upgradient zone. For each of the three site-types, the surface uranyl cation is the dominant species compared to the corresponding neutral species. The effect of charge balance error resulting from the immobile cation was considered in separate simulations and was found to be negligible [Davis and Curtis, 2003] . For the weak site, the neutral species accounts for approximately 16% of the adsorption to that site (Figure 9b ), but for the very strong site the neutral species accounts for approximately 40% of the adsorption to that site (Figure 9d ). The neutral species is relatively more important when the U(VI) and alkalinity values are small.
Sensitivity Analysis
[51] First-order sensitivity analyses were calculated for the simulated U(VI) concentrations. The scaled sensitivities [Poeter and Hill, 1998 ] were defined by
where SS i is the scaled sensitivity, Y is the simulated quantity, and b i is the i'th parameter value. The scaling normalizes the sensitivity by the parameter values so that the sensitivities with respect to widely varying parameter values can be easily compared. Equation 4 was approximated by first-order finite differences and for consistency, the parameters were increased by 0.1 log units.
[52] The scaled sensitivities were calculated for both the calibration parameters and parameters that were otherwise held constant including the adsorption model parameters and flow model parameters such as the recharge rate and the porosity. The sensitivities of the simulated U(VI) concentration along flow path A to the flow model parameters are shown in Figure 10a . The sensitivity to K X is less than zero up to 800 meters and greater than zero beyond 800 meters because the increased K X values causes the U(VI) to migrate faster. Thus, concentrations in the downgradient area increased while concentrations in the upgradient area decreased because of increased velocities. The sensitivity to the recharge rate is uniformly greater than zero because the increase in the recharge rate increased the fluxes of U(VI) and alkalinity from the contaminated source and only slightly increased the groundwater velocity. Although both porosity and K X were used in computing velocities, the porosity also affects the adsorption site concentrations, which were expressed in units of moles of sites per liter of groundwater. Consequently, the U(VI) concentrations were more sensitive to the porosity than K X . The simulations were relatively insensitive to dispersivity because a small dispersivity was assumed to minimize the effect of dispersion on reactions.
[53] The sensitivity of the simulated U(VI) to the U(VI) concentration, alkalinity and pH values in both the contaminated recharge and the background waters are shown in Figures 10b and 10c , respectively. Not surprisingly, the U(VI) concentration in the plume was sensitive to the U(VI) concentration in the recharge water but was insensitive to the low U(VI) concentration in the background water. Positive sensitivities were observed for the alkalinity in both the recharge and background waters reflecting the tendency for U(VI) to be less adsorbed and more mobile in the presence of the increased alkalinity.
[54] The sensitivites to the SCM parameters are shown in Figures 10d, 10e , and 10f for the weak, strong, and very strong sites, respectively. For the weak site, the sensitivity to the equilibrium constant for the formation of the surface cation is nearly equal to that for the total weak site concentration. This occurs because the surface cation was the dominant surface species and the total site coverage was relatively low. Under these conditions, the equilibrium constants (K W ) and the total site densities (>WOH T ,) are highly covariant. Similar results were found for the strong site (Figure 10d ). This was not observed for the very strong site because the surface is nearly fully saturated. Finally, taken together, the sensitivities shown in Figure 10 demonstrate that all of the sensitivities vary spatially and therefore vary temporally because of U(VI) and alkalinity migration.
[55] Figure 11 shows the sum of the absolute scaled sensitivity over the entire computational domain for each parameter considered in the sensitivity calculations. This figure shows that the model is most sensitive to the recharge rate. However, the model is nearly equally sensitive to the U(VI) concentration in the source water suggesting that primary reason that the model is sensitive to the recharge rate is that the recharge rate increases the flux of U(VI) into the aquifer. The model is also sensitive to K X . In general, the sensitivities for the SCM parameters were approximately 25% or less of that for K X . This smaller sensitivity results, in part, because when a parameter for one of the sites was increased resulting in increased adsorption to that site, the effect was compensated for by decreased adsorption to the other two sites. The total sensitivity of the simulated U(VI) concentration to the SCM parameters can be approximated as the sum of the sensitivity of only >WOH T , >SOH T and >SSOH T because of the covariance among the SCM parameters. This estimated total sensitivity to the SCM parameters was 43 mM, which is about 64% of the K X value.
[56] The sensitivity values resulting from this simplified analysis primarily illustrates how each parameter affects the simulated U(VI) concentration. However, the sensitivity analysis alone does not indicate which parameters are most important in controlling the uncertainty of the simulations. The importance of a parameter has been related to the product of the parameter sensitivity times the uncertainty of that parameter [Tiedeman et al., 2004] . Thus, parameters having relatively small sensitivity values and large uncertainties can be equally important as parameters that have large sensitivities and small uncertainties. This paper demonstrates that SCM can do a good job simulating U(VI) transport, even though the sensitivity and uncertainty of the simulations might be dominated by K X .
Concluding Remarks
[57] The reactive transport simulations presented above illustrate that the semi-mechanistic SCM approach for simulating adsorption accounts for the spatially and temporally variable chemical conditions and their affect on the U(VI) retardation. In plumes with chemical gradients, the spatial distribution of K D values can be quite complex and be characterized by significant spatial character. These complex spatial patterns also evolve temporally because of transport processes. The temporal and spatial distribution of the K D values is particularly important when considered in view of the common practice in performance assessments where K D values are typically represented by statistical distributions. Performance assessment modelers must recognize not only that variable chemical conditions can cause a range of effective K D values to be observed, but also that the spatial distribution of K D values within that range is not likely to be a random function or a normal distribution.
[58] Although the reactive transport model including the semi-mechanistic SCM described here was successful at a specific site, the modeling approach could be useful for simulating the transport of U(VI) at other field sites with chemically variable conditions. This modeling approach is a compromise between the simple constant K D approach and the most complex SCMs which attempt to account for each of many minerals present in a sediment and possibly the electrical double layer properties of these sediments. The semi-mechanistic approach is based on the premise that although natural soils and sediments consist of a mixture of many minerals, the surface chemistry of these minerals is dominated by coatings and adsorption to these surfaces can be described with a relatively small set of reactions and mass action expressions. The semi-mechanistic modeling approach can be applied in instances where transport is controlled by adsorption, and it does not require an overly burdensome program of data collection [Kent et al., 2000; Davis et al., 2004] when compared with data required to formulate and calibrate a groundwater flow and transport model. In addition, relative to the constant Table 2 for other abbreviations. K D approach, the SCM approach could reduce adsorption model uncertainty such that the total uncertainty is dominated by the hydraulic conductivity.
[59] The use of the semi-mechanistic SCM, while limited in its description of the detailed chemical mechanisms, has the important advantage that it couples extensive databases for aqueous speciation reactions with mass action expression for adsorption reactions. The modeling approach is therefore capable of accounting for the effects of variable chemical conditions on reactive transport involving adsorption reactions. This was important in the Naturita case because U(VI) was retarded whereas HCO 3 , the primary species included in solution alkalinity for the field conditions, probably migrated nearly conservatively. This difference in mobility for U(VI) and HCO 3 causes K D values to vary temporally and spatially in the aquifer. Despite these complexities, reactive transport simulations that included the semi-mechanistic SCM and used a reasonable approximation of the source term could be fitted to the U(VI) and alkalinity observed in the field.
